Abstract. In Canada, as many as 20 pharmaceutically active compounds (PhACs) have been detected in samples of treated drinking water. The presence of these PhACs in drinking water raises important questions as to the human health risk posed by their potential appearance in drinking water supplies and the extent to which they indicate that other PhACs are present but have not been detected using current analytical methods. Therefore, the goal of the current investigation was to conduct a screening-level assessment of the human health risks posed by the aquatic release of an evaluation set of 335 selected PhACs. Predicted and measured concentrations were used to estimate the exposure of Canadians to each PhAC in the evaluation set. Risk evaluations based on measurements could only be performed for 17 PhACs and, of these, all were found to pose a negligible risk to human health when considered individually. The same approach to risk evaluation, but based on predicted rather than measured environmental concentrations, suggested that 322 PhACs of the evaluation set, when considered individually, are expected to pose a negligible risk to human health due to their potential presence in drinking waters. However, the following 14 PhACs should be prioritized for further study: triiodothyronine, thyroxine, ramipril and its metabolite ramiprilat, candesartan, lisinopril, atorvastatin, lorazepam, fentanyl, atenolol, metformin, enalaprilat, morphine, and irbesartan. Finally, the currently available monitoring data for PhACs in Canadian surface and drinking waters was found to be lacking, irrespective of whether their suitability was assessed based on risk posed, predicted exposure concentrations, or potency.
INTRODUCTION
The presence of a number of pharmaceutically active compounds (PhACs) has been confirmed in treated drinking waters (1) . This typically raises concerns since, due to their very nature, PhACs are expected to be pharmacologically active upon human exposure. These concerns are further heightened by the fact that drinking water standards have been developed for only a handful of PhACs (2, 3) and, thus, they are not being regularly monitored in drinking waters nor are their human health impacts widely understood by most water utility personnel, regulators, scientists, and the general public.
The presence of PhACs in drinking water supplies largely results from aquatic releases of wastewaters from sewage treatment plants (STPs) (4) . PhACs are typically found in wastewaters from STPs due to their use and subsequent release by the respective upstream populations (1, 4) . Agricultural use and the endogenous (i.e., originating or produced within an organism) excretion of these compounds by animals could also be an important source (5) . PhACs that result from agricultural sources are not necessarily routed directly to the environment, but are more likely to be released in a diffuse and attenuated manner either through the losses of animal manure during storage or through application to agricultural land.
PhACs in STP influents and, hence, effluents originate from a number of human sources including among others: the natural production and excretion of the PhAC (6) ; the release of the PhAC from facilities where it is manufactured (7) ; its clinical use within the community (8, 9) and within hospitals (10) ; the disposal of the PhAC into landfills and its resulting presence in landfill leachates (11) ; the illicit use of the PhAC (12, 13) ; and the clinical and/or illicit use of other drugs/ chemicals that are metabolized to the PhAC upon consumption by humans (12) (13) (14) .
To date, only a few studies, relative to other environmental pollutants, have been performed to evaluate the human health relevance of the aquatic release of PhACs (4, (15) (16) (17) (18) (19) (20) (21) (22) (23) (24) and these were primarily focused on the situation in the USA (4, (15) (16) (17) (18) (19) (20) (21) (22) and Europe (4, 17, 23, 24) . As a result, the human health relevance of PhACs releases to Canadian surface waters and, in turn, their potential presence in treated Canadian drinking waters, remains to be evaluated. Besides this obvious knowledge gap, a number of other considerations also drive the need for a Canadian specific human health risk assessment and prioritization study. For instance, among Organization for Economic Co-operation and Development (OECD) countries, the per capita drug expenditure of the Canadian population is second only to that of the USA (25) . In addition, the use, and by extension the aquatic release, of certain PhACs is known to vary significantly from one national population to another. For example, consider that the per capita consumption of codeine in Canada is orders of magnitude higher than the levels with which the drug is used by certain European populations (12) . Or, consider that the per capita use of rabeprazole in Canada is nearly 500 times greater than the level with which it is used in Sweden (26) (27) (28) . A comparison with the situation in the USA also reveals some noteworthy differences. For example, meprobamate, which is a PhAC that was found at the highest level in finished USA drinking waters (29) , is only used in negligible quantities in Canada. Consider that, in 2006, the per capita Canadian consumption of meprobamate only amounted to 1.5 ng/capita×day (27, 28) , while in the USA the consumption of meprobamate amounted to nearly 12,000 ng/capita×day (30) . Furthermore, the drug carisoprodol, which is metabolized by humans to meprobamate, has been discontinued in Canada since 2003 (31) , even though it remains in use in the USA. Overall, an evaluation performed for one national population may not directly translate well to another unstudied national population.
The exposure of Canadians to PhACs was evaluated in this study through the use of predicted and, where available, measured data. When estimating the predicted exposure concentrations of selected PhACs, an attempt was made to account for a number of anthropogenic sources that could lead to the release of these compounds to the environment. In total, for each PhAC studied, up to seven contributions were considered, as follows: (i) the use of the PhAC in the general population; (ii) the use of the PhAC in hospitals; (iii) the general population's use of other drugs/chemicals that are metabolized by humans to the PhAC; (iv) the hospital-based use of other drugs/chemicals that are metabolized by humans to the PhAC; (v) the endogenous excretion of the PhAC; (vi) the illicit use of the PhAC; and (vii) the illicit use of other drugs/chemicals that are metabolized by humans to the PhAC. A number of previous studies only accounted for the release of a given PhAC due to its particular use in the general population (e.g., 15, 21) . Consequently, in these earlier studies, the actual environmental load of a number of PhACs is unlikely to have been fully quantified. As an added example, consider that no human health risk assessment study to date has considered that morphine can be released to the aquatic environment through all of the following sources: its endogenous excretion (32) , its clinical use in the general population, its use in hospitals, the use of a number of precursors (i.e., codeine, ethylmorphine, nicomorphine, and pholcodine) in the general population and in hospitals, the illicit use of heroin, and, finally, the general population's consumption of poppy seeds (12) . Furthermore, such broad source considerations can become important when conducting an assessment for a specific geographic region, as is demonstrated by the fact that almost the entire environmental load of morphine results from the use of heroin in a number of European countries, while in North America the predominant sources are the clinical use of morphine and its precursors (12) .
Among the sources listed above, hospitals are intuitively considered to be an important source of PhACs to the environment (33) . However, it often remains unclear as to which PhACs are predominantly used in or sourced through hospitals and, by extension, what fraction of a given load of a PhAC originates in hospitals. Such information is of importance since it can serve to indicate whether hospital wastewaters should be pre-treated for the presence of PhACs. More specifically, in Canada, the relative importance of hospitals as a source for PhACs has only been evaluated for nine PhACs to date (34) . Therefore, there is much room to advance our understanding about the importance of Canadian hospitals as point sources for the clinical use and/or dispensing of PhACs. Even outside of Canada, only a handful of analyses of sufficient scale have been performed, evaluating the importance of hospitals as a point source of PhACs (33, (35) (36) (37) .
With respect to determining the environmental levels of a PhAC that may trigger a human health effect, in the absence of established acceptable daily intake values (ADIs), most previous studies have resorted to using the lowest oral therapeutic dose (LOTD) as the point of departure to arrive at screening-level ADIs for the PhAC under consideration (3, 4, 15, 18, 20, 23) . Even though this is a fairly pragmatic approach (15) , alternative points of departure have been suggested. For example, occupational exposure limits (OELs) developed by pharmaceutical manufacturers to protect their workforce, may represent a more suitable point of departure to arrive at screening-level ADIs for a given PhAC (38) . Such an assertion stems from the recognition that OELs are limits that have specifically been developed to protect human health. In contrast, by definition, LOTD is a point of departure that is known to elicit varied responses in humans and not necessarily a health impact (15, 18) . To date, a broad scale evaluation using OELs and other points of departure to arrive at screening-level acceptable daily intake (ADI) values has yet to be performed. Furthermore, no approach has been used that integrates these various methods to identify screening-level ADIs for individual PhACs.
Therefore, given the above, the objectives of the current work were to: In carrying out the health risk assessment of PhACs in the Canadian context, as described above, the intent was to develop a comprehensive approach that can be generally applied to any geographic region and updated over time as additional information becomes available.
MATERIALS AND METHODS

Selection of PhACs for Evaluation
In total, 335 PhACs were selected for evaluation. PhACs were specifically selected if:
& They were among the top 100 dispensed drugs (units/ year) in Canada (27, 28) , however natural salts and metals among this list were not considered further; The selected evaluation set is listed in its entirety in Appendix B.
To facilitate analysis and discussion, the evaluation set was classified according to the World Health Organization's Anatomical Therapeutic Chemical (ATC) Classification System (47) . When a given PhAC was found to be prescribed under more than one ATC code, the code associated with the predominant use of that PhAC was assumed. Following a classification according to the ATC system, the evaluation set was composed of the following: 26 Class A (alimentary tract and metabolism) drugs; 4 Class B (blood and blood forming organs) drugs; 55 Class C (cardiovascular system); 10 Class D (dermatologicals) drugs; 17 Class G (genito-urinary system and sex hormones) drugs; 7 Class H (systemic hormonal preparations, excluding sex hormones and insulins) drugs; 52 Class J (antiinfectives for systemic use) drugs; 31 Code L (antineoplastic and immunomodulating agents) drugs; 21 Class M (musculo-skeletal system) drugs; 75 Class N (nervous system) drugs; 4 Class P (antiparasitic products, insecticides and repellents) drugs; 17 Class R (respiratory system) drugs; 5 Class S (sensory organs) drugs, and 4 Class V (various) drugs. The remaining 7 PhACs did not belong to any ATC classification code. These PhACs included the two androgens, androstenedione and dihydrotestosterone, and five illicit drugs including cocaine, heroin, methamphetamine, 3,4-methylenedioxy-N-methylamphetamine (commonly known as ecstasy) and tetrahydrocannabinol. Overall, PhACs considered for evaluation covered a very broad range of pharmacological activities.
Exposure Assessment
Exposure of the population to each of the compounds in the evaluation set via drinking water was estimated by considering both predicted and measured exposure concentrations. In order to arrive at predicted exposure concentrations for each PhAC, it was also necessary to estimate the total environmental loading for each. When doing so, only anthropogenic sources were considered and, therefore, the potential agricultural contributions to the environmental load of a PhAC were not considered. However, the implications of this are discussed below. Further, only exposure through drinking water was considered, while exposure through food (e.g., fish, agricultural produce and breast milk) was not. The reason for this was that the PhACs under consideration were found to cover a large range of ionic states and for most such states models for their transfer into food are currently not available (48, 49) .
Total Environmental Load
The total environmental load, M T (μg/year), for each PhAC was estimated using the following equation, in which the seven possible contributing sources for a PhAC of interest are summed:
where: M CG is the clinical use of the PhAC in the general population; M CH is the clinical use of the PhAC in hospitals; M OC is the clinical use among the general population of drugs/chemicals that are metabolized to the PhAC; M OH is the clinical use in hospitals of other drugs/chemical that are metabolized to the PhAC; M endo is the endogenous production and excretion of the PhAC; M IDU is the illicit use of the PhAC; and M OID is the use of other drugs/chemicals that are metabolized to the PhAC. The manner in which each of these contributions was quantified for a given PhAC is described below.
The clinical use of the PhAC, M CG (μg/year), was estimated using the following equation:
where: I is the total number of individual routes of administration of clinical preparations, i, with which the PhAC is administered when dispensed by community pharmacies (dimensionless); N i,c is the total number of prescriptions dispensed of the PhAC via community pharmacies for a given route of administration i (number of prescription items/ year); S i,c are the prescription strengths for N i,c (μg/prescription item); U ex,i is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the urinary route for a given route of administration i (dimensionless); and F ex,i is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the fecal route for a given route of administration i (dimensionless 
where: J is the total number of individual routes of administration, j, with which a PhAC is administered when dispensed by and/or at hospital (dimensionless); N j,H is the total number of prescriptions dispensed of a given a PhAC via hospitals for a given route of administration j (number of prescription items/year); S j,H are the prescription strengths for N j,H (μg/prescription item); U ex,j is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the urinary route for a given route of administration j (dimensionless); and F ex,j is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the fecal route for a given route of administration j (dimensionless). The N j,H values used were those reported in the Canadian Drug Store and Hospital Purchases Audit database (28) . S j,H values were also drawn from the same database but, in certain instances, a cross reference to the Health Canada's DPD database (31) was required to arrive at accurate estimates for S j,H . U ex,j +F ex,j values were estimated from the database described above and are presented in Appendix D.
The clinical use among the general population of drugs/ chemicals that are metabolized to the PhAC, M OC (μg/year), was estimated using the following equation:
where: L is the total number of community pharmacydispensed drugs, l, that are metabolized to the PhAC upon human consumption (dimensionless); K is the total number of individual routes of administration, k, with which drug l is administered (dimensionless); N l,k,c is the total number of prescriptions dispensed of drug l for a given route of administration k (number of prescription items/year); S l,k,c are the prescription strengths for N l,k,c (μg/prescription item); U ex,l,k is the fraction of drug l that is excreted via the urinary route as the PhAC for a given route of administration k (dimensionless); F ex,l.k is the fraction of the drug l that is excreted via the fecal route as the PhAC when administered via the route of administration k (dimensionless); Mw PHAC is the molecular weight of the PhAC (g/mol); and Mw l is the molecular weight of the drug l (g/mol). L was established by developing source models for all PhACs of the evaluation set that result from the metabolism of other drugs dispensed at community pharmacies. All source models developed are presented in Appendix E. The N ex,l,k values used were those reported in the Canadian Compuscript Audit database (27) . S ex,l,k values were also reported in this same database but, in certain instances, a cross reference to the Health Canada's DPD database (31) was required to arrive at accurate estimates for S ex,l,k . U ex,l,k +F ex,l,k were estimated by compiling data from relevant literature sources, as presented in Appendix E. The clinical use in hospitals of other drugs/chemical that are metabolized to the PhAC, M OH (μg/year), was estimated using the following equation:
where: M is the total number of other hospital-dispensed drugs, m, that are metabolized to the PhAC upon human consumption (dimensionless); O is the total number of individual routes of administration, o, with which drug m is administered (dimensionless); N m,o,h is the total number of prescriptions dispensed of drug m for a given route of administration o (number of prescription items/year); S m,o,h are the prescription strengths for N m,o,h (μg/prescription item); U ex,m,o is the fraction of drug m that is excreted via the urinary route as the PhAC for a given route of administration o (dimensionless); F ex,m.o is the fraction of the drug m that is excreted via the fecal route as the PhAC for a given route of administration o (dimensionless); Mw PHAC is the molecular weight of the PhAC (g/mol).; and Mw m is the molecular weight of the drug m (g/mol 
where P T is total population (capita) and E endo is the daily per capita endogenous release of a PhAC (μg/capita×year). Canadian population data circa 2006 was used in all calculations. P T was estimated using data from Statistics Canada (50) . E endo was estimated using various methods and models presented in Appendix F. The illicit use of the PhAC, M IDU (μg/year), was estimated using the following equation:
where: C IDU is the net mass of the PhAC that is illicitly used (μg/year); P is the total number of individual routes of administration, p, with the PhAC is illicitly administered (dimensionless); f p is the mass fraction of C IDU that is administered via route p (dimensionless); U ex,i,p is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the urinary route when illicitly administered via route p (dimensionless); and F ex,i,p is the fraction of the PhAC that is excreted unchanged and as its glucuronide and sulfate conjugates via the fecal route when illicitly administered via route p (dimensionless). C IDU was estimated using methods and models presented in Appendix G. f p values were estimated using trends reported in Canadian Centre on Substance Abuse (CCSA) (51), Khan and Nicell (12, 13) and Royal Canadian Mounted Police (RCMP) (52) . U ex,i,p +F ex,i,p values were estimated from the database described earlier and presented in Appendix D. The illicit use of other drugs/chemicals that are metabolized to the PhAC, M OID (μg/year), was estimated using the following equation:
where: R is the total number of illicit drugs, r, that are metabolized to the PhAC upon human consumption (dimensionless); Q is the total number of individual routes of administration, q, via which drug r is administered (dimensionless); C OID,r,q is the net mass of drug r which is administered via route q (μg/year); f q,r is the mass fraction of C OID,r,q that is administered via route q (dimensionless); U ex,r,q is the fraction of drug r that is excreted via the urinary route as the PhAC for route of administration q (dimensionless); and F ex,r.q is the fraction of the drug r that is excreted via the fecal route as the PhAC for route of administration q (dimensionless); Mw PHAC is the molecular weight of the PhAC (g/mol); and Mw r is the molecular weight of the drug r (g/mol). R was established by developing source models for all PhACs of the evaluation set that result from the metabolism of other illicit drugs. All source models developed are presented in Appendix E. C OID,r,q was estimated using methods and models summarized in Appendix G. f q,r were estimated using trends reported in CCSA (51), Khan and Nicell (12, 13) and RCMP (52) . U ex,r,q +F ex,r,q were estimated by compiling data from relevant literature sources, as presented in Appendix E.
When estimating values of M CG , M CH , M OC , M OH , M IDU , and M OID , it was conservatively assumed that the total mass dispensed of a PhAC/drug and the mass demand for an illicit drug end up being used. Therefore, for each source chemical, the mass that is purchased/acquired but then not used was unaccounted for.
Predicted Exposure Concentrations
The predicted exposure concentrations (PEC) (ng/L) for each PhAC of the evaluation set were estimated using the following equation:
where: M T is total load of the PhAC to the environment (μg/ year), Q ww is median level of wastewater generated on a per capita basis (L/capita×day); DF is a conservative level of dilution of a wastewater upon its immediate release to the environment (dimensionless); f o , f 1 , and f 1,2 are the fractions of wastewaters that undergo no treatment, primary treatment, and a secondary level of treatment (dimensionless), respectively; and R 1 and R 1,2 are the levels with which the PhAC is removed in primary and secondary treatment plants (dimensionless), respectively. M T was estimated using Eq. 1. Q ww was estimated to be 504 L/capita×day by analyzing data reported for nearly 1000 sewage treatment plants in Environment Canada's Municipal Water and Wastewater Survey (53) (see Appendix H). DF was conservatively assumed to be 10 based on a recent report co-authored by the authors of this study to Health Canada (54) , in which immediate dilution factors for nearly 900 Canadian sewage treatment plants were estimated for average and low flow conditions. f o , f 1 , and f 1,2 values were as those suggested by Environment Canada (55) . R 1 and R 1,2 were those compiled in an in-house database of removal rates reported in the literature for PhACs in sewage treatment plants. For cases where literature data was not available, the Simple Treat model (56) was used along with appropriate quantitative structure-activity relationship models (57, 58) to estimate removal rates. Overall, the database aimed to conservatively account for the removal of PhACs in sewage treatment plants. The database, not included here, will be provided upon request. 3 , even though it is the least conservative of the three estimates furnished, still represents a conservative estimate for the concentration at which the population could be exposed to individual PhACs via drinking water. Consider that PEC 3 is akin to the population continuously drinking treated wastewaters that had been minimally diluted. Therefore, estimates for PEC 3 as furnished here, do not account for the added attenuation (dilution, degradation, photolysis, or sorption) of the minimally diluted load before its arrival at the intake of a drinking water treatment plant and any subsequent removal in the plant before supply to the community. However, in arid areas where little to no dilution of wastewater effluents in receiving waters may occur, exposure concentrations can approach PEC 3 values. This is also expected to be the case for water reuse situations. PEC 1 and PEC 2 are also of value since a risk evaluation with these concentrations, as opposed to PEC 3 , reveals those PhACs for which the risk outcome resides in assumptions made about metabolic conversion and removal via sewage treatment plants. Overall, an evaluation performed with any of the three PEC estimates is expected to be conservative and, perhaps most importantly for the overall objective of the current study, aims to ensure that false negative classifications (i.e., suggesting an insignificant risk when some risk might actually exist) are minimized.
Measured Exposure Concentrations
Measured exposure concentrations (MEC) for the evaluation set were compiled from literature sources reporting on the presence of PhACs in finished (i.e., treated) drinking waters in Canada. Concentrations for samples in which the PhAC was not detected were conservatively entered into the database as a value equal to the limit of detection. In total, 5813 MECs were compiled from all relevant literature sources (39) (40) (41) (42) (43) (44) (45) .
Estimation of Acceptable Daily Intake
The acceptable daily intake (ADI) of a substance is defined as the maximum quantity that can be ingested on a daily basis and not result in undesirable effects on human health (18) . Here, consistent with previous work (4), any effect is considered undesirable. Since ADIs for most PhACs have not been established by regulatory bodies, multiple lines of evidence were considered to arrive at a conservative estimate of the ADI for each PhAC of the evaluation set. The overall approach taken is summarized in Fig. 1 and discussed below.
When available, tolerable daily intake (TDI) values, as derived by Health Canada, were directly adopted as the ADI for the compound of interest. In the absence of such data, ADIs derived for the potential veterinary use of the PhAC by such agencies as the Joint FAO/WHO Expert Committee on Food Additives and the European Medicines Agency Veterinary Medicines and Inspections were used. However, for the vast majority of the PhACs in the evaluation set, TDI values were not available and, furthermore, these compounds have not been used for veterinary medicine purposes. Therefore, ADI values for most PhACs of the evaluation set remain to be established. In the absence of government/international agency-derived benchmarks for a PhAC, a number of approaches were considered to estimate a variety of provisional ADIs (p-ADIs) for each PhAC of the evaluation set. Following such evaluations, the lowest of the derived p-ADIs was selected as the ADI for the PhAC under consideration (see Fig. 1 ).
One point of departure typically used to derive a p-ADI for a PhAC is its lowest oral therapeutic dose, LOTD (15, 23) . In recognition of this, the following equation was used to estimate the p-ADI for a PhAC from its LOTD, when available:
where LOTD is the lowest oral therapeutic dose of the PhAC in adults and SF is a safety factor, the purpose of which is to extrapolate LOTD to levels which can be considered safe for continuous human exposure. LOTDs were estimated from drug monographs available through Health Canada's Drug Product Database (31) and by consulting dosage schedules presented in Lexi-Comp's Drug Information Handbook (59) and those presented through UptoDate.com (60). LOTD values for adults were typically used here, since not all drugs of the evaluation set are used pediatrically. Typically, a default SF of 1000 was used (15) . However, an additional factor of 10 (i.e., an SF of 10,000) was used if the PhAC was found to possess at least one of the following attributes: it is a cytotoxic drug, it is a hormone, it is a pregnancy Class D or Class X drug, or it has been categorized as a hazardous drug by National Institute for Occupational Safety and Health (61) . An alternative to the LOTD approach described above has been suggested by Straub and Flückiger (38) . Specifically, they suggested that occupational exposure limits derived by pharmaceutical manufacturers for their workers can be used with appropriate extrapolation factors to arrive at a p-ADI for a given PhAC. Their proposed approach can be expressed as follows:
where: OEL is the 8-h time-weighted average occupational exposure limit derived by pharmaceutical manufacturers to protect their workers; Q air is the volume of air breathed by a worker over duration of 8 h; and EF is extrapolation factor used to extrapolate a human health benchmark derived for those who work in pharmaceutical manufacturing operations to the general population. OELs are typically reported in material safety data sheets (MSDS) developed for each PhAC by it various manufacturers. Therefore, OELs were compiled from MSDS from various manufacturers of pharmaceuticals. In the cases were multiple OELs were available for a given PhAC, the lowest was adopted. For Q air the default value of 10 m 3 was used (62) . EF was assumed to be 100 following the work of Straub and Flückiger (38) .
For genotoxic carcinogenic PhACs, additional benchmarks that are protective of an added lifetime cancer risk must also be considered. Conservatively, the Bone hit^model of carcinogenesis was used (63) in which it is assumed that a cancer cell can result from a single genetic change in a normal cell and, therefore, a carcinogen presents a risk of cancer at any dose.
When available, no significant risk levels (NSRL) as derived by California EPA (64) were used to estimate a p-ADI for a genotoxic carcinogenic PhAC of the evaluation set, as follows:
where NSRL is the daily intake as estimated by California EPA and BW is the average weight of an adult. The NSRL values used here were those reported in a California EPA compilation (64) and the value of BW NSRL-adult used was the average weight of an adult assumed by California EPA in their estimations of NSRL levels. In the event a NSRL level of a given genotoxic carcinogen PhAC of the evaluation set was not available, the following approach was used:
where: LTD 10 is the lower 95% confidence limit of the dose required to induce tumors in 10% of exposed animals and 10 5 is the factor that linearly and therefore conservatively extrapolates LTD 10 to an acceptable added lifetime cancer risk of 10 −6 . The LTD 10 values used here were those reported in the Carcinogenic Potency Database (65). Fig. 1 . Approach used to estimate the acceptable daily intake for each PhAC of the evaluation set. ADI acceptable daily intake; TDI tolerable daily intake; LOTD lowest oral therapeutic dose, LTD 10 lower 95% confidence limit of the dose required to induce tumors in 10 5 of exposed animals; NSRL no significant risk level; OEL occupational exposure limit
In cases where neither a NSRL nor a LTD 10 were available for a genotoxic carcinogen, the following equation was used:
where, as before, LOTD is the lowest oral therapeutic dose for an adult and 10 5 is the factor that linearly and, therefore, conservatively extrapolates LOTD to an acceptable added lifetime cancer risk of 10 −6 (63).
Predicted No Effect Concentration for Exposure of Humans via Drinking Water
Predicted no effect concentrations (PNEC) for the exposure of humans to each PhAC via drinking water (PNEC dw ) were estimated using the following equation:
where: ADI is the acceptable daily intake for the PhAC; BW is the body weight for the most sensitive human receptor; and IR dw is the average daily ingestion rate of drinking water by the most sensitive human receptor. ADI was estimated using the methods described in BEstimation of Acceptable Daily Intakeŝ ection and summarized in Fig. 1 . Of the five receptors considered by Health Canada-infants (0 to 6 months), toddlers (7 months to 4 years), children (5 to 11 years), adolescents (12 to 19 years) and adults (20 years+)-the combination of the BW and IR dw of infants is such that they are determined to be the most sensitive receptor to contaminants in drinking water. Therefore, BW and IR dw values were assumed to be those of a Canadian infant as defined by Health Canada (66).
Risk Assessment
The risk associated with each PhAC of the evaluation set was quantified by calculating margins of exposure (MOE) for each. The lower the magnitude of MOE, the higher is the risk to human health. The MOEs were estimated using both predicted (PEC) and, where available, measured exposure concentrations (MECs). It is important to recognize that MECs, though often considered to be a gold standard for assessment purposes, may have been deduced from samples that have not have been collected under reasonably anticipated worst-case exposure conditions (e.g., low flow conditions). Therefore, even for PhACs for which MECs were available, concurrent evaluations using their respective PECs were also performed.
The predicted margins of exposure (MOE P ) for each PhAC of the evaluation set were estimated using the following equation:
Where possible, the margins of exposure using measured exposure concentrations (MOE M ) for PhACs were estimated using the following equation:
Typically, an MOE of less than 1.0 is considered to be indicative of a possible human health risk. Recognizing the highly conservative nature with which PNEC dw and PEC values were estimated here, an MOE p of less than 1.0 was interpreted as an indicator of possible risk. However, an MOE of >1 and <10 was used for the added goal of developing a list of priority PhACs for further evaluation. An MOE>10 was interpreted as suggesting negligible risk.
Note that while the evaluation of mixtures represents a very important issue that must eventually be addressed, this was beyond the scope of the current investigation.
RESULTS AND DISCUSSION
Sources of PhACs to the Environment
As discussed above, seven distinct source terms were considered when estimating the total environmental load (M T ) of each PhAC. Figure 2 summarizes the relevance and the significance of each source term in terms of their contribution to the net environmental load of the 335 PhACs selected for analysis. Appendix I further elaborates on the data summarized in Fig. 2 by listing the details of these source terms for each PhAC.
The overall relevance of each source term for the entire evaluation set is indicated in Fig. 2 by the variable n. The use of a PhAC in the general population (M CU ) and in hospitals (M HU ) was found to be relevant for 315 and 319 PhACs, respectively. The reason that the relevance number for M HU was higher than that for M CU was that certain drugs such as cytarabine, daunorubicin, ifosfamide, cisplatin, and idarubicin are only clinically dispensed in hospitals and, as such, are not dispensed in the general public. For 41 PhACs, the use of other drugs/chemicals in the general population (M OCD ) and in hospitals (M OHD ) was found to be relevant sources of these specific compounds. Another 14 PhACs were established to be endogenously excreted (M endo ), whereas a handful of PhACs were either illicitly used (M IDU ) or resulted from the illicit use of other drugs (M OID ). Figure 2 further suggests that, depending on the PhAC being considered, each of the source terms could account for, at the very least, a significant fraction of a PhACs net environmental load. For example, consider that the data summarized in Fig. 2 suggest that the individual source terms M CU , M HU , M OCD , M endo , and M IDU account for greater than 90% of the net environmental load for 188, 28, 7, 7, and 5 PhACs, respectively. The two other contributions, M OHD and M OID , were found to be significant for a select few cases. From the perspective of the entire evaluation set, not surprisingly, the use of the PhAC in the general population (M CU ) was found to be the single most important source, followed by the use of the PhACs in hospitals (M HU ). Overall, since each of the seven contributions can be significant for the release of a given PhAC, it is suggested that all seven source terms must be considered when estimating the net environmental loading of a PhAC. To neglect some of these source terms might result in a significant underestimation of the environmental burden of a given PhAC.
Due to particular concerns associated with hospitals that can serve as potential Bhotspots^for the use and the release of certain PhACs (33), the contributions of hospitals is evaluated further in Fig. 3 . Overall, hospitals were found to be a relevant source for 320 PhACs (i.e., M HU +M OHD ) of the evaluation set (see Appendix I). Figure 3 (a) suggests that hospitals loads of the PhACs of the evaluation set can vary over several orders of magnitude. The median hospital load for the 320 PhACs was established to be 180 μg/bed×day. Figure 3 (b) suggests that, when the evaluation set is considered in its entirety, drugs dispensed through hospitals account for less than 10% of the environment load of most PhACs. However, there are a significant number of PhACs that appear to be predominantly or almost entirely sourced through hospitals. Consider that for 41 PhACs more than 70% of their net environmental load was sourced through hospitals (see Appendix I). Overall, the hospital contribution to the net environmental load of a PhAC can vary significantly from one case to another. Note that the overall trend suggested by Fig. 3(b) is not entirely unexpected since a dominant selection criterion for the PhACs in the evaluation set was the inclusion of the top 100 highly dispensed drugs in Canada and the vast majority of these are community-based drugs.
To better grasp which types of PhACs are predominantly used in hospitals and which are not, Fig. 3 (c) segregates that data presented in Fig. 3(b) by the broad therapeutic classes defined by the World Health Organization (47) . From this, trends begin to emerge. Figure 3 (c) suggests that PhACs belonging to most drug classes are only used at relatively minor level in hospitals; however exceptions were found to exist for most such drug classes. The two drug classes that were found to be primarily used in hospitals were Class L (antineoplastic and immunomodulating agents) and Class V (various). Thirty-one PhACs of the evaluation set were Class L drugs and, of these, 19 were cytotoxic drugs that are primarily administered in and/or made available through hospitals (67) . The median hospital contribution for all Class L drugs was 61%, with estimates for this class of drugs ranging from 4% for azathioprine to 100% for a number of cytotoxic drugs. Only four PhACs of the evaluation set were Class V drugs; therefore, the sample size upon which a judgment is being made is rather small. Nevertheless, Class V contains diagnostic agents and contrast media and these drugs are also known to be primarily administered in hospitals (67) .
Hospitals were also found to be a minor but still significant source for Class J (antiinfectives) drugs. Of the 50 Class J drugs for which hospital contributions were found to be relevant, 44 were antibiotics. The median hospital contribution for all Class J drugs was 9.3% (see Fig. 3c) , with values ranging from 0.1% for spiramycin to 99.8% for penicillin G. Hospitals accounted for greater than 95% of the net environmental load of 8 Class J drugs, all of which were antibiotics. Specifically, these were: cefazolin, ceftriaxone, cefuroxime, ceftazidime, piperacillin, penicillin G, tazobactam, and ticarcillin. All eight aforementioned PhACs are administered in Canada through injections, which might be a reason for their predominant use in hospitals. Overall, hospitals appear to be a major source for only some antibiotics.
It is worth noting that the values reflected in Fig. 3 do not account for the fact that a fraction of these hospital-dispensed drugs are issued and administered to outpatients and are, therefore, in actual fact excreted in the general population. For example, Weissbrodt et al. (67) reported that, at a Swiss n is the total number of PhACs for which a given source term was found to be relevant hospital, 70% of the studied cytotoxics and 50% of the studied iodinated contrast media were administered to outpatients and were therefore destined to be excreted in the general population rather than in the hospital. Therefore, the fractions plotted in Fig. 3 likely overestimate the significance of hospitals as a specific geographical source of PhACs into the environment but can be considered accurate representations of the proportion of PhACs that are sourced through hospitals. Overall, trends observed here for the contribution of Canadian hospitals to the net environmental loads of PhACs agree with trends reported for Dutch and Danish hospitals (35, 36) in that hospitals appear to be a minor source for most PhACs but in certain specific instances can be a significant or dominant source of the environmental load of a given PhAC. The broader implications of this observation is that, even if PhACs in the wastewaters of hospitals are successfully treated before capture by municipal sewer systems, the majority of the mass load of most PhACs will still be released into sewer systems for subsequent treatment and/or disposal in the environment.
The discussion above has focused on the significance of the various source terms to the overall selected set of 335 PhACs. An equally valuable evaluation concerns how many source terms are relevant for a given PhAC. The number of source terms that are relevant for individual PhACs ranged from 0 to 6 (see Appendix I). Specifically, none of the seven sources accounted for 1 PhAC (as explained below), a single source accounted for 11 PhACs, 2 sources accounted for 280 PhACs, and 3, 4, 5 and 6 source terms lead to the release of 12, 25, 5, and 1 PhACs, respectively. The data suggests that the vast majority of the environmental loads of PhACs in the evaluation set resulted from 2 source terms. Not unexpectedly, the reason for this was that most of the PhACs were only clinically used within the general population and in hospitals (see Appendix I). However, for 43 PhACs, more than 2 source terms were found to be relevant (see Appendix I). In the case of morphine, as many as six source terms (and seven contributions) had to be considered in order to arrive at an estimate for its load to the Canadian environment (see Appendix J). The single PhAC for which none of the seven source terms was found to be relevant was roxithromycin, since this PhAC has yet to be approved for sale in Canada or in the USA (31, 68) . Despite this, roxithromycin has been detected in Canadian surface waters and treated drinking waters (42) . At present, the origin of this PhAC in Canadian waters remains uncertain but it is possible that the detected roxithromycin is a residue arising from the degradation of another chemical. Note that the latter point highlights a potential limitation of the present analysis in that the possible environmental generation of a PhAC has not been accounted for since such information is typically not available.
It is also of interest to examine the importance of the net environmental load of a PhAC that results from endogenous excretion. Fourteen PhACs of the evaluation set were found to be released via endogenous excretions (see Appendix K). As expected, most of the PhACs for which endogenous excretion was found to be significant are naturally produced hormones. For example, similar to estimates furnished for the USA (69, 70) , the hormones estrone, estradiol and estriol were found to predominantly or almost entirely result from endogenous excretions. However, it was surprising to note that other compounds that are usually associated with clinical (47) where abbreviations used on the y-axis represent the following classes of drugs: A alimentary tract and metabolism; B blood and blood forming organs; C cardiovascular system; D dermatologicals, G genito-urinary system and sex hormones; H systemic hormonal preparations; J antiinfectives; L antineoplastic and immunomodulating agents; M musculo-skeletal system; N nervous system; P antiparasitic products; R respiratory system; S sensory organs; V various use such as morphine and codeine can also be endogenously produced. Overall, more than 90% of the environmental loads for eight of the PhACs were found to result from endogenous excretions (see Appendix K). A consequence of this is that if these PhACs are found to pose an unacceptable human health and/or eco-toxicological risk then one has no choice but to facilitate their removal from sewage and drinking water through process upgrades in treatment plants. Conversely, if a PhAC almost entirely results from the exogenous use of relevant pharmaceutical preparations (e.g., codeine) and is found to pose unacceptable human health and/or eco-toxicological risk, the possibility of managing the risk through limiting or substituting the use of this PhAC with alternative pharmaceutical preparations remains available.
Similar to the interest in the fraction of the environmental load that results from endogenous excretions, there is also interest in the fraction that results from illicit sources. Again, this interest arises from the consideration that should a PhAC that predominantly results from illicit sources pose an unacceptable human health and/or eco-toxicological risk one may have no choice but to facilitate its removal in sewage and/or drinking water treatment plants. Illicit contributions were found to be relevant for the following six PhACs: amphetamine, cocaine, heroin, methamphetamine, MDMA, and morphine. Of these, MDMA and heroin are not clinically used in Canada (31) and, therefore, they are only released to Canadian aquatic environment through the illicit use of these drugs. In contrast, amphetamine, cocaine, methamphetamine, and morphine, can all be released to the Canadian aquatic environment through licit and illicit sources. As shown in Appendix J, a model accounting for the numerous sources of morphine is quite complex, with nearly 13.5% of its net environmental load resulting from the population's use of illicit heroin. Cocaine, in addition to being an important illicit drug, is also used clinically in Canada (31); however, only 0.3% of its environmental load is estimated to result from its clinical use in hospitals (see Appendix I). In addition to its clinical sources, amphetamine can also result from the illicit use of methamphetamine (71); with as much as 56% of its environmental load accounted for by the illicit use of methamphetamine (see Appendix I). Note that methamphetamine itself can result from the clinical use of the precursor drug selegiline and its own illicit use (see Appendix E). More specifically, the illicit use of methamphetamine accounts for 99.7% of the PhAC's load to the Canadian aquatic environment (see Appendix I). Overall, of the six PhACs for which illicit contributions were found to be relevant, five were established to largely or almost entirely result from illicit sources. Therefore, if these five PhACs are found to pose an unacceptable human health or eco-toxicological risk, one would have little choice but to consider process modifications to facilitate their removal in wastewater and/or drinking water treatment plants.
Predicted Exposure Concentrations
Three successively less conservative values for the predicted exposure concentrations, denoted as PEC 1 , PEC 2 , and PEC 3 as described above, are plotted in Appendix L for the set of selected PhACs. Individual PEC estimates for each PhAC are also tabulated in Appendix L. PEC 3 estimates have also been plotted in Fig. 4 where the data has been categorized by ATC classes to facilitate interpretation and discussion. Since three PhACs of the evaluation set were not in use in Canada for the study year of 2006, PEC estimates could only be furnished for 332 PhACs of the 335 in the evaluation set. The three exceptions are fenoprofen which was discontinued from use in Canada circa 2002, roxithromycin which has yet to be approved for use in Canada, and buprenorphine which was only approved for sale in Canada in 2007 (31) .
Overall, when the metabolic conversion of individual compounds are accounted for (i.e., estimates of PEC 2 relative to PEC 1 ), an estimated median reduction of 56% of the environmental load is predicted. When accounting for their removal in sewage treatment plants over and above metabolism (i.e., estimated of PEC 3 relative to PEC 2 ), an additional 22% median reduction in environmental load is predicted (see Appendix L).
The top 50 PhACs ranked according to their estimate PEC 3 values are tabulated in Table I . PEC 3 values ranged from 33 ng/L for sotalol to approximately 10,000 ng/L for acetaminophen. Class J (antiinfectives for systemic use) drugs were particularly well represented with 14 of the 52 drugs from this class in this list and, of these, 13 were antibiotics. The median PEC 3 for all 52 Class J drugs was 12 ng/L, with estimates ranging from 0.03 ng/L for spiramycin to 424 ng/L for amoxicillin (see Fig. 4 ). Of all classes, the median PEC 3 for Class J drugs was the second highest and lower only than that of Class P drugs, for which only four drugs were included in the evaluation set. Class C (cardiovascular) drugs were also well represented in the top 50 list with 12 of the 55 evaluation set drugs from this class making the list (Table I ). The median PEC 3 for Class C drugs was the third highest at 9 ng/L, with specific estimates for this class of drugs varying from 0.0008 ng/L for nimodipine to 229 ng/L for hydrochlorothiazide (see Fig. 4 ). Even though 31 Class L (antineoplastic and immunomodulating) drugs were included in the evaluation set, not one was among the top 50 list (Table I ). The highest PEC 3 for a Class L drug was estimated to be 3.4 ng/L for azathioprine, an immunosuppressant drug, and the highest estimated PEC 3 for a cytotoxic drug was estimated to be 2.1 ng/L for fluorouracil. The median level PEC 3 for all 31 Class L drugs was estimated to be 0.03 ng/L, with estimates ranging from 0.00005 ng/L for dactinomycin to 3.4 ng/L for azathrioprine (see Fig. 4 ). Furthermore, the median PEC 3 of 0.03 ng/L for all Class L drugs was the lowest of all drug classes considered (see Fig. 4 ). The second and third lowest median PEC 3 values were for Class S and Class R drugs. Most Class S and Class R drugs included in the evaluation set are administered locally into the eye, the ear, the nose or the throat and this may be the likely reason for the low median PEC 3 estimated for these drug classes. Not one of the Class S drugs and only acetylcysteine of the 17 Class R drugs were in the top 50 list. However, clinical use in the general population and in hospitals is a minor contributor to the net environmental load of acetylcysteine, since its load to Canadian environment almost entirely results from endogenous excretions (see Appendix K). Similar to Class L drugs, not one of the 17 Class G (genito-urinary system and sex hormones) drugs included in the evaluation set was in the top 50. PEC 3 estimates for Class G drugs ranged from 0.001 ng/L for desogestrel to 6.2 ng/L for estriol and the median level PEC 3 for all 16 Class G drug was estimated to be 0.1 ng/L. Even though it is clear that most Class L and Class G drugs are only expected to be present in the Canadian aquatic environments at low nanogram per liter to sub nanogram per liter levels, these levels by themselves cannot be taken to be indicative of the lack of risk posed by such drugs since Class L and G drugs are expected to be highly potent in their action (15) .
As expected, among the top 10 PhACs were acetaminophen and ibuprofen, two pain killers that are available over-the-counter and are widely used in Canada (27, 28) and elsewhere (23) . The prescription pain killer naproxen was also among the top 10 PhACs. Amoxicillin, a widely used antibiotic, was estimated to have the fifth highest PEC 3 . Also among the top 10 were acetylcysteine and theophylline, two PhACs that are almost entirely released to Canadian surface waters due to sources other than their clinical use (see Appendix K). Almost 99% of theophylline's environmental load results from the Canadian population's ingestion of caffeine; since theophylline, in addition to being a clinical drug itself, is also a metabolite of caffeine (see Appendix E). Metformin, gabapentin, and hydrochlorothiazide ranked 2nd, 8th, and 10th, respectively, and despite their high use in Canada and elsewhere these drugs are only occasionally studied for their aquatic presence and relevance (72) . The PEC 3 for docusate was likely an underestimate since this PhAC, in addition to be a common excipient in pharmaceutical preparations, is also available over-the-counter in Canada for use as a laxative (31) .
Compilation of Measured Exposure Concentrations
In total, 5813 measurements of exposure concentrations were compiled from studies (39) (40) (41) (42) (43) (44) (45) reporting on the presence of PhACs in finished (i.e. treated) Canadian drinking waters. Of the 5813 analyses performed, 170 yielded a positive detection for a PhAC. Therefore, to date, PhACs have been detected within finished Canadian drinking water with an overall detection frequency of 2.9% in samples taken. Despite the fact that PhACs are only rarely detected in finished Canadian drinking waters, concentrations as high as 601 and 155 ng/L have been reported for carbamazepine and erythromycin, respectively (see Table II ).
The compiled data covers the analysis of only 47 PhACs and of those 20 have been detected in at least one finished Canadian drinking water sample (Table II) . The number of samples analyzed for each PhAC ranged from 1 for a number of antidepressants (bupropion, citalopram, paroxetine, sertraline, and venlafaxine) to 237 for the estrogens estradiol and estrone. Of the 47 PhACs monitored, extensive data (n>100) was available for 26 of them. Of these, ibuprofen and carbamazepine are the two that are most commonly detected, with overall detection frequencies of 22 and 19%, respectively. In contrast, extensive monitoring data in Canada for the presence of estradiol (n=237), estriol (n=236), ethinylestradiol (n=236), indomethacin (n=218), chloramphenicol (n=155), doxycycline (n=155), progesterone (n=155), and warfarin (n=155) are still to yield a single positive detection. If the list of PhACs monitored is analyzed by therapeutic classes, it is clear that antibiotics are well represented and typically well monitored, while only limited to no monitoring data are available for some other classes. For example, Class L drugs are only covered by two drugs (cyclophosphamide and methotrexate) and even then, for these two drugs only 10 analyses have been reported. (47) where abbreviations used on the y-axis represent the following classes of drugs: A alimentary tract and metabolism; B blood and blood forming organs; C cardiovascular system; D dermatologicals, G genito-urinary system and sex hormones; H systemic hormonal preparations; J antiinfectives; L antineoplastic and immunomodulating agents; M musculo-skeletal system; N nervous system; P antiparasitic products; R respiratory system; S sensory organs; V various It is worth noting that the MECs for enalapril, equilin, erythromycin, estradiol, estrone, estriol, ketoprofen, penicillin G, pentoxifylline, progesterone, testosterone, tetracycline, and trimethoprim also result from the release of these drugs from agricultural sources since these PhACs are either endogenously excreted by animals (e.g., estrone) and/or are exogenously administered or fed to animals in Canada (e.g., erythromycin) (31). 95 ) value or, in other words, an MEC value that is only exceeded by 5% of the values in the data set (73) . However, MEC 95 values for 15 of the 20 detected PhACs were below the detection limit as their presence in drinking waters has only yielded positive detections in less than 5% of the samples analyzed (Table II) . Because of this, a two-step approach was taken to evaluate the degree to which PEC 3 estimates were conservative. Firstly, and in a more conservative fashion than typical risk assessment practice, the highest MEC (MEC max ) values for all detected PhACs were compared to their respective PEC 3 estimates. Then, only for those PhACs for which the PEC 3 estimates were found to be lower than their respective MEC max values was a second evaluation performed with MEC 95 values. Table II suggests that, with the exceptions of carbamazepine and erythromycin, PEC 3 estimates are higher and hence more conservative than their respective MEC max values. Evaluations for diclofenac, equilin, and norfloxacin could not be performed since the study that reported the single positive detections for these PhACs (42) failed to report the levels at which they were detected. Nevertheless, 99.5% of the MECs for these PhAC were below the detection limit.
PEC as a Conservative
For the cases of carbamazepine and erythromycin, a more elaborate assessment using MEC 95 values was necessary. The analysis summarized in Appendix M suggests that MEC 95 for carbamazepine in finished Canadian drinking water samples was 9.8 ng/L, while the PEC 3 was estimated to be 82 ng/L. The approach used in Appendix M further suggests that the PEC 3 estimate of 82 ng/L for carbamazepine was higher (i.e., more conservative) than 98% of MECs reported. The MEC 95 for erythromycin was estimated to be between 3 and 10 ng/L (35, 36, 38) , which was lower than the PEC 3 estimate furnished for this PhAC of 16 ng/L. Overall, it appears that the estimates of PEC 3 values as furnished here are more conservative than the vast majority of the MECs measured for its presence in finished Canadian drinking waters. This is not entirely unexpected given the number of conservative assumptions made in estimating PEC 3 values. 
Acceptable Daily Intake Values
The approached summarized in Fig. 1 was used to estimate the ADI for each PhAC of the evaluation set.
A TDI derived by Health Canada was only available for the PhAC chloral hydrate. For another 31 PhACs, ADIs were available due to the veterinary use of these compounds in Canada and/or elsewhere. These 31 PhACs included 19 antibiotics, 5 glucocorticoid steroids, 4 painkillers, 1 androgen, 1 estrogen, and 1 diuretic. For the remaining 303 PhACs, provisional ADI (p-ADI) values were developed following the procedure summarized in Fig. 1 .
LOTDs were available for 289 of the 303 PhACs for which p-ADIs were to be established. The remaining 14 PhACs were either not orally administered (e.g., levobunolol) or were not clinically used and, therefore, generally lacked a dosing schedule (e.g., clofibric acid). While performing p-ADI evaluations with LOTD as the point of departure, LOTDs for adults were typically used. The reason this was done was that a large fraction of the PhACs being considered did not have an established pediatric use and therefore lacked corresponding dosing schedules. To assess the suitability of using adult LOTDs, an evaluation was performed for all 224 PhACs of the evaluation set for which adults as well as pediatric dosage regimens were both found to exist. The results of the evaluation, which are summarized in Appendix N, suggested that for 199 PhACs, or 88% of the cases, LOTDs for adults were lower, and hence more conservative, than their pediatric counterparts. Without performing a comprehensive assessment as the one performed here, others (18) have also alluded to the fact that, for most PhACs, the LOTD for adults are lower than their pediatric counterparts. Overall, for the 199 PhACs for which adults LOTDs were found to be more conservative, adult LOTDs were used. For the 25 exceptions for which pediatric LOTDs were found to be lower, pediatric LOTDs were used. For all remaining PhACs, which lacked pediatric dosing schedules, adult LOTDs were used. The use of adult LOTDs for PhACs that lacked pediatric dosing Additional PhACs monitored but not detected in Canadian drinking water samples: estradiol (n =237), estriol (n=236), ethinylestradiol (n=236), indomethacin (n=218), chloramphenicol (n=155), doxycycline (n=155), progesterone (n=155), warfarin (n=155), testosterone (n=68), fenoprofen (n=63), pentoxifylline (n=63), fenofibrate (n=59), norethisterone (n=32), penicillin G (n=32), sulfadiazine (n=32), cyclophosphamide (n=7), sulfacetamide (n=4), sulfapyridine (n=4), sulfisoxazole (n=4), clarithromycin (n=3), enalapril (n=3), methotrexate (n=3), bupropion (n=1), citalopram (n=1), paroxetine (n=1), sertraline (n=1) and venlafaxine (n=1 (70) schedules, though considered to be a pragmatic choice made in light of an unavoidable information gap, should also be viewed with some degree of reservation. The reason a pediatric dosing schedule does not exist for some PhACs is that they are, or can potentially be, hazardous to children at levels that approach the LOTDs of adults. Similarly, reservations should also be expressed regarding the use of adults LOTDs to protect those with impaired metabolism or with hypersensitivity to medication. OELs were available for 234 of the 303 PhACs for which p-ADIs were to be estimated. For the remaining compounds, either OELs had not been developed by the respective manufacturers or, despite an extensive data search conducted during this study; no suitable material safety data sheets containing such information could be located. NSRL and LTD 10 as shown in Fig. 1 were only relevant for genotoxic carcinogenic PhACs of the evaluation set.
Ultimately, following the procedure in Fig. 1 , estimated ADI values for 133, 164, 3, and 3 PhACs were based on LOTD, OEL, NSRL, and LTD 10 values, respectively. Appendix O presents a summary for each PhAC of the data inputs that were available and, of these, which one was ultimately selected following the procedure of Fig. 1 to arrive at an ADI for each of the 335 PhAC of the evaluation set.
For 220 of the PhACs, both OEL and LOTD values were available and in 70% of these cases, or 149 PhACs, pADIs derived from the OEL point of departure were more conservative than those derived using the LOTD approach. To date, OEL limits have only been used in the development of ADI for only four PhACs (16, 38) Predicted No Effect Concentrations for Exposure via Drinking Water Predicted no effect concentrations for exposure via drinking water (PNEC dw ) were estimated for each PhAC from their respective ADI values using Eq. 4. Of the receptors defined by Health Canada, infants were selected since they are the most sensitive to drinking water contaminants given that it has been reported that infants in Canada drink more water on a per weight basis than toddlers, children, teens, and adults (66) . Therefore, conservatively, PNEC dw estimates furnished and discussed here are specific for exposure of infants. Note that Canadian exposure factors (66) are such that the respective PNEC dw for teens, adults, children and toddlers were found to be 2.2, 1.7, 1.5, and 1.01 times higher than those derived for infants.
PNEC dw values for the entire evaluation set are plotted in Fig. 5 where the data has been categorized by ATC classes to facilitate interpretation. The estimated PNEC dw values ranged from a minimum of 0.03 ng/L for the anticancer drug dactinomycin (a Class L drug) to a maximum of nearly 9×10 6 ng/L for the contrast media diatrizoate (a Class V drug). Among the most potent (i.e. lowest median PNEC dw ) drug classes were Class G, Class L, those for which an ATC class code has not been assigned (i.e., BNo Code^), and Class H (see Fig. 5 ). These classes cover such sub-classes as anticancer drugs, sex hormones, and other hormones, drugs used for endocrine therapy, illicit drugs and immunosuppressants, all of which are sub-classes of drugs that would be expected to be highly potent in their potential to yield effects on human health. The most potent drug class was Class G with a median PNEC dw of 14 ng/L. Class L drugs were also found to be particularly potent in terms of their potential to cause human health effects where the median PNEC dw for this class of drugs was estimated to be 23 ng/L. Of the 31 Class L drugs, 19 were anticancer drugs and another 11 were endocrine therapy drugs. The median PNEC dw for all 19 Drug classes that were found to lack potency in potentially affecting human health included Class J and Class M drugs. Consider that the median PNEC dw for all 52 Class J drugs, of which 43 were antibiotics, was approximately 39,000 ng/L. The PNEC dw estimates for class J drugs ranged from nearly 800 ng/L for ceftriaxone to 1.4×10 6 ng/L for clavulanic acid (see Fig. 5 ). The median PNEC dw for all 21 Class M drugs, of which 14 were anti-inflammatory drugs, was 31,000 ng/L. Specific estimates for Class M drugs ranged from 1200 ng/L for pamidronate to 137,000 ng/L for etidronic acid (Fig. 5) . For the 14 anti-inflammatory drugs, the median PNEC dw was estimated to be 35,000 ng/L with individual estimates ranging from 4000 ng/L for indomethacin to 117,000 ng/L for mefenamic acid. Included among the 14 anti-inflammatory drugs was ibuprofen, the one PhAC that is most commonly detected in finished Canadian drinking water (see Table II ). The PNEC dw for ibuprofen was estimated to] [Fig6] be nearly 8000 ng/L.
Risk Assessment Using Measured Exposure Concentrations
A risk assessment using measured exposure concentrations was performed in a conservative manner by estimating the margin of exposure (MOE) for the highest MEC (MEC max ) reported for each PhAC that has been detected in at least one finished Canadian drinking water sample (see Table III ). The resulting MOE m-max estimates ranged from 4 for estrone to 137,500 for sulfamethoxazole. Therefore, not a single MOE m-max value was estimated to be below the risk trigger limit of 1.0. MOE m-max values below 100 were only observed for 2 PhACs; namely, estrone and carbamazepine. The MOE m-max for estrone was estimated to be 4 based a single positive detection reported by Tabe et al. (45) . However, to date, 237 drinking water samples have been analyzed in Canada for the presence of estrone and only 1 of these samples has yielded a positive detection. Therefore, 99.6% of the MECs for estrone in finished Canadian drinking water were below detection limits. In contrast, carbamazepine is one of the most commonly detected PhACs in finished Canadian drinking waters (see Table III ). The MOE m-max for carbamazepine was estimated to be 13. However, if the evaluation is performed with MEC 95 instead, which is in line with typical risk assessment practice, the MOE for exposure to carbamazepine increases to 802 (PNEC dw of 7860 ng/L divided by MEC 95 of 9.8 ng/L). Overall, a risk assessment with MECs reported thus far for PhACs in finished Canadian drinking waters suggest that they pose a negligible risk to human health.
Risk Assessment Using Predicted Exposure Concentrations
Since extensive monitoring data of finished Canadian drinking waters was only available for 27 PhACs (n>100; see Table I ), a conservative risk assessment of the evaluation set with PEC estimates was also performed. An estimated MOE p of less than 1.0 was taken to be indicative of Bpossible risk^and that the PhAC in question should be considered for further study and prioritization. A value of greater than 1.0 but less than 10 was taken to suggest that the PhAC in question represented a Blow risk^but still required further consideration for prioritization, and a value greater than 10 was taken to indicate Bnegligible risk^.
Margins of exposure based on PEC 3 estimates (MOE p3 ) are plotted by ATC Classes in Fig. 6 . Specific MOE p3 estimates for each PhAC are listed in Appendix P with individual values ranging from virtually infinity for clofibrate, ethynodiol, famciclovir, sildenafil, and rabeprazole to 0.08 for triiodothyronine. Of the entire evaluation set only two PhACs, estriol (a Class G drug) and triiodothyronine (a Class H drug), were predicted to have MOE p3 values below the trigger limit for possible risk of 1.0. MOE p3 estimates for an additional 14 PhACs were predicted to fall between 1 and 10 ( Fig. 6) . The remaining 319 PhACs were found to pose a negligible risk since their respective MOE p3 estimates were found to be greater than 10 (Fig. 6) . Specifically, for these 319 PhACs, 44, 95, 93, 47 , and 40 PhACs were estimated to have an MOE p3 of greater than 10 but less than 100, greater than 100 but less than 1000, greater than 1000 but less than 10,000, greater than 10,000 but less than 100,000, and greater than 100,000, respectively (Appendix Q).
If MOE p3 estimates are evaluated according to therapeutic class, Class L drugs were found to present the highest level of relative risk with a median MOE p3 of 330, with specific estimates for this class of drugs ranging from 621×10 3 for buserelin to 34 for azathioprine. Therefore, every one of the 31 Class L drugs evaluated was found to pose a negligible risk to human health (see Fig. 6 ). Similar to Class L drugs, all drugs of the evaluation set belonging to ATC Classes B, D, R, S, P, J, and V were found to pose a negligible risk to human health. All PhACs for which an ATC class could not be assigned (represented by BNo Code^) were also found to pose a negligible risk to human health. After Class L drugs, Class G drugs were found to have the second lowest median MOE p3 of 395, with specific estimates for this class of drugs ranging from nearly 18×10 3 for finasteride to 0.63 for estriol. (47) where abbreviations used on the y-axis represent the following classes of drugs: A alimentary tract and metabolism; B blood and blood forming organs; C cardiovascular system; D dermatologicals, G genito-urinary system and sex hormones; H systemic hormonal preparations; J antiinfectives; L antineoplastic and immunomodulating agents; M musculo-skeletal system; N nervous system; P antiparasitic products; R respiratory system; S sensory organs; V various
In addition to estriol, estrone was the other Class G drug for which an MOE p3 of <10 was predicted, all 15 other Class G drugs were found to pose a negligible risk. Also noteworthy was the fact that as many as 7 and 3 PhACs belonging to Classes C and N, respectively, were predicted to have MOE p3 values between 1 and 10 (see Fig. 6 and Table IV) . Of the (47) where abbreviations used on the y-axis represent the following classes of drugs: A alimentary tract and metabolism; B blood and blood forming organs; C cardiovascular system; D dermatologicals, G genito-urinary system and sex hormones; H systemic hormonal preparations; J antiinfectives; L antineoplastic and immunomodulating agents; M musculo-skeletal system; N nervous system; P antiparasitic products; R respiratory system; S sensory organs; V various seven Class H drugs evaluated only the two thyroid hormones were found to have MOE p3 estimates of less than 10 (see Fig. 6 and Table IV) . Specifically, an MOE p3 of 1.7 was estimated for thyroxine and 0.08 for triiodothyronine. Of all 21 Class M drugs evaluated, only ibuprofen was predicted to have an MOE p3 estimate of less than 10 (see Fig. 6 ). Similarly, of all 26 Class A drugs evaluated, only metformin was predicted to have an MOE p3 estimate of less than 10 (see Fig. 6 ). All genotoxic carcinogenic PhACs of the evaluation set were also predicted to present a negligible risk. Considering the highly conservative nature of PEC 3 estimates, and hence, estimates of MOE p3 , a prioritization evaluation was performed for all 16 PhACs for which an MOE p3 of less than 10 was estimated. The goal of this evaluation was to develop, from the list of 16 PhACs, a sub-list of priority PhACs for which the development of comprehensive ADI values, extensive monitoring in Canadian drinking waters, and geo-spatially explicit contaminant fate modelling would be recommended. The results of the prioritization evaluation are summarized in Table IV . Overall, each of the 16 PhACs were prioritized unless there was extensive MEC data (n>100) in finished drinking waters suggesting negligible risk or, in the absence of extensive MECs, there was compelling evidence to suggest that the PhAC being considered was highly unlikely to reach drinking water intakes due to a high sorption and/ or degradation potential.
Of the 16 PhACs, MECs in finished drinking water were only available for three: ibuprofen, estrone, and estriol. MEC data for ibuprofen suggested that it poses negligible risk to human health and therefore can be considered to not be a priority compound. However, given the fact that ibuprofen is the one PhAC that is detected with the highest frequency in finished Canadian drinking waters (see Table II ), it carries the potential to be used as an indicator compound for the contamination of Canadian drinking waters with PhACs. Extensive monitoring data (n=236) for estriol and estrone in Canada has only yielded zero and one positive detections, respectively. Therefore, these PhACs are essentially undetected in finished Canadian drinking water samples. This is to be expected as both estriol and estrone are known to degrade in the environment (16) . In conjunction with the lack of detection of these PhACs, one must also recognize that the p-ADI developed in the current assessment for estrone and estriol of 0.00014 μg/kg×day is highly conservative (see Appendix O). Consider that the ADI for estradiol, due to its veterinary uses, has been estimated by the Joint FAO/ WHO Expert Committee on Food Additives to be 0.050 μg/ kg×day (see Appendix O), a level that is 360 times higher than the conservative p-ADI developed for estriol and estrone in the current assessment. Yet estrone and estriol have been suggested to be 2 and 17 times less potent than estradiol, respectively, when administered orally in the rat uterotrophic bioassay (74) . Overall, it is concluded that estrone and estriol should not be considered as compounds of concern for priority follow-up. However, a photolysis product of estrone, lumiestrone, has been shown to be estrogenic and persistent (75) and therefore warrants further consideration.
Prioritized PhACs
For the remaining 13 PhACs, no monitoring data was available for finished Canadian drinking waters and, further, there was no compelling evidence to suggest that their respective sorption and/or degradation potentials would prevent their loads from being transmitted to drinking water intakes (see Table IV ). Therefore, it is concluded that they should be prioritized for further studies. Each of the 13 prioritized PhACs are briefly discussed below.
An MOE p3 of 0.08 was estimated for triiodothyronine, which is a thyroid hormone that is almost entirely released to the Canadian aquatic environment due to endogenous excretions (see Appendix K). Upon its release to the environment, triiodothyronine is expected to be mobile and persistent (see Table IV ) but it has yet to be monitored in drinking waters from Canada or elsewhere. In fact, to date, there is only the report of a single influent and a single effluent sample from a Finnish sewage treatment plant that have been analyzed for the environmental presence of this PhAC (76) . In both samples analyzed, triiodothyronine was found to be below the detection limit of 2-4 ng/L (76). The MOE p3 for the other thyroid hormone, thyroxine, was estimated to be 1.7. Almost 94% of the load of thyroxine to the Canadian environment results from endogenous excretions (see Appendix K). Thyroxine is also predicted to be persistent and sufficiently mobile upon its release to the environment (see Table IV and (77)). To date, environmental monitoring of thyroxine within the Canadian environment has not been conducted. In fact, the measurement of thyroxine has only been reported in a single influent and a single effluent sample from a Finnish sewage treatment plant (76) . Thyroxine was detected in both the influent and the effluent at levels of 64 and 22 ng/L, respectively. If this effluent level is divided by a commonly assumed dilution factor of 10 (54), a surface water concentration of 2.2 ng/L can conservatively be estimated. If a further surface water concentration of 2.2 ng/L is used as an exposure concentration, an MOE of 1.8 (3.9 ng/L (PNEC dw for thyroxine) divided by 2.2 ng/L) can be predicted.
An MOE p3 of 2.4 was estimated for ramipril, which is used for the treatment of hypertension and congestive heart failure. Ramipril is expected to be released to the Canadian aquatic environment primarily through its direct use in the general population, as only a small fraction of the PhAC is sourced through hospitals (see Fig. 7 ). Upon its release to the environment, ramipril is expected to be mobile and subject to some degradation (see Table IV ). Ramipril remains to be monitored in Canadian drinking or surface waters. However, an extensive monitoring campaign in France (78) , failed to yield a single positive detection for Ramipril in 285 finished drinking water samples for a limit of detection of 5 ng/L. The PEC 3 estimated here for ramipril of 20 ng/L may have been overestimated due to an assumption made about the metabolism of the PhAC; that is, based on metabolic disposition data available for ramipril; it was unclear what fraction of the PhAC is excreted unchanged via the fecal route (see Appendix D). Therefore, it was conservatively assumed that the net fecal elimination of the PhAC of approximately 40% was in the form of unchanged ramipril. If this assumption had not been made, the PEC 3 estimate for ramipril would have only been 0.5 ng/ L and, consequently, its MOE p3 would have been estimated at the negligible risk level of 98.
An MOE p3 of 2.6 was estimated for candesartan, which is typically used for the treatment of hypertension. Candesartan is primarily released to the Canadian aquatic environment through its use in the general population, with hospital use accounting for less than 1% of its environmental load (see Fig. 7 ). Upon its release to the environment, candesartan is expected to be highly mobile and persistent (see Table IV and (79)). Candesartan is yet to be monitored in Canadian environmental matrices. Outside of Canada, only limited environmental occurrence data for this PhAC have been reported (80) but concentrations as high as 1100 ng/L for candesartan have been reported in German surface waters (80) . If this surface water maximum is conservatively taken as a reasonable estimate of exposure concentration, an MOE of 0.04 is calculated, which is well below the risk trigger level of 1.0 and, thus, could be of concern. Note that, on a per capita basis, the use of candesartan in Germany is nearly twice the level with which the drug is used in Canada (27, 28, 80) .
Lisinopril is an angiotensin-converting enzyme-inhibiting PhAC that is typically used for the treatment of hypertension. An MOE p3 of 3.9 was estimated for lisinopril. Lisinopril is primarily released to the Canadian aquatic environment through its use in the general population, with only 2% of the environmental load coming from hospitals (see Fig. 7 ). Lisinopril is expected to be highly mobile and persistent upon its release to the environment (see Table IV ). Canadian environmental matrices have yet to be monitored for the presence of lisinopril. Furthermore, no drinking water monitoring data for this PhAC even from locations outside Canada could be located in the literature. However, levels as high as 3300 ng/L have been reported for this PhAC in effluents from sewage treatment plants in the USA (81) . If this measured maximum is divided by a conservative dilution factor of 10, a highly conservative surface water concentration of 330 ng/L can be predicted. Further, if this surface water concentration is used as an estimate of the exposure concentration, an MOE of 0.3 [98 ng/L (PNEC dw for lisinopril) divided by 330 ng/L] can be predicted, which is below the trigger threshold of 1.0 and, therefore, could be of concern. That being said, the above evaluation is highly conservative.
Atorvastatin is a PhAC that is used to lower blood cholesterol. An MOE p3 of 4.8 was estimated for this compound. Atorvastatin is almost entirely released to the Canadian aquatic environment due to its use in the general population, with less than 1% of the PhAC being sourced through Canadian hospitals (see Fig. 7 ). Upon its release to the environment, the environmental load of atorvastatin load would be expected to be somewhat attenuated due to sorption to sediments and degradation (see Table IV ).
Atorvastatin has yet to be monitored in Canadian drinking waters, but reports exist of it being monitored in Canadian surface waters. To date, 27 Canadian surface water samples have been analyzed for the presence of atorvastatin (see Appendix R) in which atorvastatin was detected with a frequency of 33% and at a maximum concentration of 59 ng/L (see Appendix R). If this maximum concentration in surface waters is conservatively used as an estimate of exposure concentration, an MOE of 6.7 is calculated [390 ng/ L (PNEC dw for atorvastatin) divided by 59 ng/L]. Analyses of 18 American finished drinking water samples did not yield a single positive detection for atorvastatin (29) . Furthermore, when the associated source waters were analyzed, atorvastatin was only detected in 2 of the 19 samples analyzed with a maximum of 2 ng/L (29). However, atorvastatin was reported to be present at a level of 1 ng/L in a finished drinking water sample from Spain (83) . With a MEC of 1 ng/L, an MOE of 390 is calculated, thereby indicating negligible risk to human health.
Lorazepam is a benzodiazepine that is used for the treatment of anxiety disorders. Lorazepam is predominantly expected to be released to the Canadian aquatic environment due to its use in the general population; however, as much as 6% of the PhAC is sourced through hospitals (see Fig. 7 ). Upon its release to the environment, Lorazepam is expected to be mobile and subject to degradation (see Table IV ). Canadian environmental matrices have yet to be monitored for the presence of lorazepam. However, lorazepam was not detected in finished French and Spanish drinking waters (83, 84) . The per capita consumption of lorazepam in France is similar to the level with which the PhAC is used in Canada (14, 27, 28) .
Fentanyl is an opioid that is used as an anesthetic and to relieve pain. As much as 15% of the PhAC is sourced through Canadian hospitals, while the remainder is made available to the general population through pharmacies (see Fig. 7 ). An environmental load of fentanyl would be expected to be attenuated due to sorption onto sediments and degradation (see Table IV ). Fentanyl has yet to be monitored in Canadian surface or drinking waters. However, fentanyl was found to be below limits of quantification/detection in the influent and the effluent of a Canadian sewage treatment plant (85) . Fentanyl was also not detected in finished Dutch and Spanish drinking waters (86, 87) . However, an extensive survey of European effluents was able to detect fentanyl with a detection frequency of less than 1% and with a maximum concentration of 1.6 ng/L (88). It is also worth noting that, in recent years, there has been a steady increase in the use of fentanyl in Canada, with an increase of 50% recorded over the period of 2005 to 2012 (89) .
Atenolol is a beta blocker that is used for the treatment of cardiovascular diseases. It is primarily released to the Canadian environment through its use in the general population, with only 2% of the PhAC being sourced through hospitals (see Fig. 7 ). Upon its release to the environment, atenolol is expected to be mobile and subject to degradation. Canadian drinking waters have yet to be monitored for the presence of atenolol. However, nineteen (19) Canadian surface water samples have been analyzed for the presence of this PhAC (see Appendix R). In these samples, atenolol was detected with a frequency of 47% and at a measured maximum concentration of 53 ng/L (see Appendix R). If the measured maximum in surface water of 53 ng/L is conservatively taken as an exposure concentration, an MOE of 18 is calculated, indicating negligible risk. Atenolol has been detected in finished drinking waters in the USA with a maximum concentration of 26 ng/L (1). In contrast, atenolol was not detected in English and French finished drinking waters when analyzed with detection limits of 2 and 25 ng/L, respectively (78, 90) .
Metformin is an anti-diabetic drug for which an MOE p3 of 9.0 was estimated (see Table IV ). Metformin is almost entirely released to the Canadian aquatic environment due to its use in the general population (see Fig. 7 ). Upon its release to the environment, metformin is expected to be mobile and subject to some degradation (see Table IV ). Metformin has yet to be monitored in Canadian drinking and surface waters, but it has been monitored in the influent and effluent of a Canadian sewage treatment plant equipped with a membrane bioreactor (91) and the discharges of untreated wastewater by the city of Victoria in the Province of British Columbia (92) . Metformin was measured in concentrations as high as 110,000 ng/L in one of the discharges of untreated wastewater from the city of Victoria (92) . Outside Canada, metformin was not detected in finished Dutch drinking waters when sought using an analytical method with a detection limit of 50 ng/L (93) .
Enalaprilat is an angiotensin-converting enzyme (ACE) inhibitor that is typically used for the treatment of hypertension and certain types of chronic heart failures. Even though enalaprilat is clinically used in Canada (31) , almost the entire load of the PhAC in the Canadian environment is expected to be due to the use of the precursor pro-drug enalapril (see Appendix I). Enalapril, and therefore enalaprilat, is primarily used in the general population with a relatively minor fraction of the PhAC being sourced through hospitals (see Fig. 7 ). Upon its release to the environment, enalaprilat is expected to be mobile and subject to degradation (see Table IV ). Canadian environmental matrices have yet to be monitored for the presence of enalaprilat. Further, no drinking water monitoring data for the PhAC from locations outside of Canada could be identified. However, levels as high as 150 ng/ L have been reported for this compound in effluents from sewage treatment plants in the USA (81) . If this measured maximum is divided by a dilution factor of 10, a highly conservative surface water concentration of 15 ng/L is predicted and an MOE of 6.5. Note that enalaprilat is poorly bioavailable upon oral ingestion (60) and this is one of the reasons for why enalaprilat is clinically administered via intravenous injections.
Morphine is an opioid that is typically used as a painkiller. As discussed earlier, morphine in the Canadian environment arises from a number of sources. Of these, the single most important source is the use of morphine itself in the general population (Fig. 7) . However, other sources still account for an estimated 42% of the net environmental load (see Fig. 7 ). Upon its release to the environment, morphine is expected to be mobile and liable to significant degradation (see Table IV ). To date, morphine has not been monitored in Canadian surface or drinking waters, however it has been measured in effluents from Canadian sewage treatment plants at levels as high as 69 ng/L (94) . If this maximum concentration measurement is divided by a dilution factor of 10, a highly conservative surface water concentration of 6.9 ng/L is predicted along with an MOE of 28, indicating negligible risk. Outside Canada, morphine was not detected in finished Dutch and German drinking waters (87, 95) .
Irbesartan is a drug that is used for the treatment of high blood pressure and certain kidney diseases. Irbesartan is primarily released to the Canadian aquatic environment due to its use in the general population, with hospitals being 
a (✓) is a source (31) b (✓✓) expected to be a significant sources since the PhAC is authorized for use in animal feed (82) c Based on data compiled from the following sources: (39) (40) (41) (42) (43) (44) (45) , n number of samples analyzed, p number of positive detections d See Table III for further details e Estimated using Eq. 5 a minor source for the PhAC's environmental load. Upon its release to the environment, irbesartan would be expected to be mobile and possibly liable to degradation (see Table IV ). Canadian environmental matrices have yet to be monitored for the presence of irbesartan. Outside Canada, irbesartan could not be detected in finished Spanish drinking waters (83, 96) . However, an extensive survey of European effluents was able to detect irbesartan with a 100% detection frequency and a maximum of 17,900 ng/L (88). It is worth noting that of the 13 prioritized PhACs, ADIs for 8 PhACs were ultimately estimated using respective LOTD values and a highly conservative safety factor, SF, of 10,000. Specifically, these PhACs were: triiodothyronine, thyroxine, ramipril, lisinopril, atorvastatin, lorazepam, atenolol, and enalaprilat (see Appendix O). A SF of 10,000 was used for triiodothyronine and thyroxine because they are endogenous thyroid hormones. For the other six PhACs, a SF of 10,000 was used because they were either pregnancy class D or X drugs. However, had the default SF of a 1000 been used instead, MOE p3 for 7 PhACs listed above would have been estimated at negligible risk levels (i.e., MOE p3 >10), while the MOE p3 for triiodothyronine would have still remained below the trigger limit of 1.0 for possible risk. Nevertheless, since the goal here was to prioritize the human health risk of PhACs in a manner that false negative classifications were minimized the use of highly conservative SF remains. That being said, it is important to appreciate the conservative nature of our analysis, both in estimating exposure and accounting for effects on human health.
Overall, our results are consistent with those reported by others (1, 4, (15) (16) (17) (18) (19) (20) (21) (22) (23) (24) (25) in that most PhACs, even when evaluated highly conservatively, are deemed unlikely to pose a human health risk when considered individually. Interestingly, lisinopril, atenolol, and enalaprilat, three PhACs prioritized here, were also among the six shown to pose the highest relative, yet low, risk to the health of the population in the USA (81) .
A limitation of evaluations performed with MOE p3 estimates, as has been the focus thus far, is that the risk outcome for a given PhAC could be highly sensitive to the assumptions made about its metabolic conversion and removal in sewage treatment plants. Therefore, it is also of value to perform risk evaluations with PEC 1 estimates to see for which PhACs a risk outcome of Bpossible risk^resides in assumptions made about their metabolic conversion and removal in sewage treatment plants. Such an evaluation, which is sometimes referred to as the Btotal residue approach^ (97) , conservatively assumes that a given PhAC's metabolites and transformation products are as potent as the PhAC itself and further assumes that the total residue is not removed in sewage treatment plants.
The results of a risk evaluation based on PEC 1 estimates (MOE p1 ) are summarized in Appendix Q. The results show that if the total residue approach is assumed, only seven PhACs of the evaluation set would yield an MOE p1 value less than the trigger limit of 1.0 for Bpossible risk^. Specifically, these seven PhACs were triiodothyronine, estriol, cocaine, morphine, estrone, thyroxine, and ramipril (see Appendix Q). As discussed earlier, triiodothyronine and estriol also trigger Bpossible risk^based on PEC 3 estimates (see Appendix Q).
An evaluation with PEC 2 estimates (i.e., considering metabolic conversion but discounting removal in sewage treatment plants) triggers possible risk for thyroxine as well as triiodothyronine and estriol (see Appendix Q). Therefore, the possible risk outcomes of cocaine, morphine, estrone, and ramipril reside in assumptions made about their metabolism, while that for thyroxine resides in assumptions made about its metabolism and subsequent removal in sewage treatment plants. Of the latter five PhACs, estrone likely poses a negligible risk to human health, as discussed earlier.
Cocaine is extensively metabolized by humans with between less than 1 and 8% of the drug being excreted unchanged (12) . Of the various metabolites of cocaine, only norcocaine and cocaethylene are active (98) . Norcocaine is twice as potent as cocaine, while cocaethylene is equipotent (87, 98) . However, only less than 0.1 and 0.7% of an administered dose of cocaine are excreted as norcocaine and cocaethylene, respectively (12) . In a number of investigations, it has been shown that cocaine undergoes significant depletion in sewage treatment plants (85) , which includes partitioning onto sewage sludge (99) . Canadian surface or drinking waters have yet to be monitored for the presence of cocaine or its active metabolites. However, cocaine could not be detected in finished Dutch and English drinking waters (87, 90) . In contrast, cocaine has been detected in tap waters at unidentified locations by Boleda et al. (100) to a maximum of 2.9 ng/L, which translates to an estimated MOE of 64 representing a negligible risk. Norcocaine could not be detected in finished Dutch and Spanish drinking waters (87, 100) . Cocaethylene was detected to a level of 0.9 ng/L in Spanish tap waters and not detected in finished Dutch drinking waters (87, 100 ). An exposure concentration of 0.9 ng/L for cocaethylene translates to a negligible risk MOE of 192 (187 ng/L (i.e., the PNEC dw for cocaine-since cocaethylene is equipotent)-divided by 0.9 ng/L). Overall, it appears that cocaine and its active metabolites are unlikely to be present in Canadian drinking waters at levels that result in risks to human health.
The remaining three PhACs, morphine, thyroxine, and ramipril were already among the list of PhACs prioritized through a risk evaluation with MOE p3 values. Nevertheless, their metabolism and removal in sewage treatment plants warrants further discussion.
Morphine largely results from its direct clinical use and the clinical and illicit use of its precursors. For the PEC 1 estimate for morphine, it was conservatively assumed that the entire mass of morphine itself and its clinical and illicit precursors end up in the environment as morphine. Therefore, the PEC 1 estimate for morphine not only accounts for the total residue of morphine, but also of its precursors. This results in a highly artificial, yet conservative, estimate of PEC 1 for morphine. Morphine is primarily excreted by humans as its glucuronide conjugates (12) . Since such conjugates are known to revert to the parent compound upon their release to the environment (12), they were considered as the parent compound when PEC 2 and PEC 3 estimates were calculated for morphine. The only other active metabolite of morphine is normorphine, which has been suggested to be one-fourth as potent as morphine (101) . Additionally, less than 5% of an administered dose of morphine is excreted as normorphine (12) . Normorphine is yet to be monitored in Canadian environmental matrices. However, it was not detected when looked for in tap waters from a number of countries (100) .
Ramipril is in fact a pro-drug for the active metabolite ramiprilat (31) . Approximately 9% of an administered dose of ramipril is eliminated via urine and bile as ramiprilat and its glucuronide conjugate (102) . Much like ramipril, ramiprilat has not been monitored to date in Canadian environmental matrices. However, an extensive monitoring campaign of finished drinking waters in France found ramiprilat in a single sample of the 285 samples analyzed. Specifically, the single positive detection was between the study's limit of detection (not reported) and the limit of quantification (5 ng/L). Ramiprilat was found in 2 of the 285 samples source water samples analyzed, again at levels between the limit of detection and the limit of quantification for the study. Other than this study, little monitoring data has been reported for the environmental occurrence of ramiprilat. Recognizing this, ramiprilat is included in the list of priority compounds that warrant further study.
Thyroxine is primarily released to the Canadian environment through endogenous excretions (see Appendix K). Nevertheless, important uncertainties are present in arriving at the net environmental load for this PhAC (see Appendix F). In addition, the treatment plant removal rate used for this PhAC results from the analysis of a single sample (76) . Therefore, these uncertainties with respect to the environmental fate and loading of thyroxine indicate that further study of this PhAC is warranted.
Agricultural Contributions
In Canada, the aquatic releases of 31 of the 335 PhACs in the evaluation set are also expected to result from agricultural sources since these compounds are either endogenously excreted by animals (e.g., estrone) and/or are exogenously administered or fed to animals (e.g., erythromycin) (see Table V ). Extensive MEC data for a PhAC, if available, can be taken to include agricultural sources, but such sources were not considered in the PEC estimates calculated here. Of the 31 PhACs for which agricultural contributions are expected, extensive MEC data was only available for six of them (see Table V ). For these six, an evaluation using MEC values has already suggested that they pose a negligible risk to human health (see Tables IV and VI) . Therefore, the release of these PhACs from human and agricultural sources likely represents a negligible risk to human health due to their potential presence in finished drinking waters.
Of the remaining 25 PhACs, limited (n>10 and <100) and scant (n>1 and <10) MEC data was available for 3 and 2 PhACs, respectively, while for 20 PhACs no MEC data was available at all (see Table V ). In the absence of sufficient MEC data, the potential for the unaccounted agricultural contributions to push the MOE values for these PhACs to Bpossible risk^levels can be evaluated by considering the magnitude of their respective MOE p3 values. With the exception of thyroxine and triiodothyronine, the respective MOE p3 values are such that it is highly unlikely that the unaccounted for agricultural contributions for a listed PhAC are such that they will increase the MOE estimate to risk levels (see Table V ). As an example of the logic used here, consider the PhAC amoxicillin, it is highly unlikely that the mass of amoxicillin administered for veterinary purposes (note: amoxicillin is not used in feeds) in Canada is such that, upon its inclusion in calculations, it would decrease its MOE from the value of 28 to a level less than the trigger limit of 1.0. For the two thyroid hormones, thyroxine and triiodothyronine, it seems likely that agricultural contributions could significantly add to their risk levels, given that their respective MOE values based on human sources alone already are just above or and an order of magnitude below the risk trigger value of 1.0, respectively.
Even though, with the exception of the thyroid hormones, it is unlikely that the 31 PhACs listed in Table V will be used at such levels for agricultural purposes that they will end up posing human health risks due to their potential presence in finished drinking waters, it is still worth highlighting that a significant fraction of several of the PhACs listed in Table V could result from agricultural sources. For instance, Anderson et al. (103) estimated that, depending on the assumptions made for what fractions of agricultural excretions are routed to surface waters, the mass of estrogens (i.e., estrone, estradiol, and estriol) contributed by agricultural sources to surface waters in the USA could vary from as little as 29% to as much as 91% of the net load of such PhACs. An equivalent analysis for Canada remains to be performed. In addition to estrogens, a significant fraction of the surface water loads of a number of antibiotics may result from agricultural sources. In Canada, nine antibiotics share agricultural and human uses (see Table V) ; however, it is only the antibiotics used in animal feeds that are expected to have a significant agricultural contribution. Of the nine, only neomycin, penicillin G, and erythromycin are approved for use in animal feeds on Canadian farms (82) . Due to the lack of input data, it is currently not possible to estimate for each of these three PhACs what fraction of their respective surface water loads arises from agricultural as opposed to human sources. However, the net mass of antibiotics used in Canada for agricultural purposes is available (104) and this can be used with the net mass of antibiotics used by humans (27, 28) to estimate, that during 2006, the staggering amount of nearly 2000 tonnes of antibiotics were used in Canada (see Appendix T). Alarmingly, 88% of this mass was used for agricultural purposes, another 10% was used for clinical purposes in the general population, and the remaining 2% was sourced through hospitals. Due to an importation loophole in regulations in Canada (105) , some estimate that the use of antibiotics for agricultural purposes may be 33% higher than 1766 tonnes shown in Appendix T. If this is true, the total mass of antibiotics used in Canada could be 30% higher and the net agricultural contribution to the total load could be as high as 90%. This estimate clearly highlights the need to account for agricultural sources for certain compounds.
Sufficiency of Existing Monitoring Data
As indicated earlier, nearly 6000 analyses covering 47 PhACs, have been performed in Canada to evaluate the presence of PhACs in Canadian drinking waters. This raises the question as to whether the existing monitoring data are sufficient. Specifically, it is worth asking the question: Are we monitoring what needs to be monitored?
Ultimately, the need to monitor a PhAC should reside in the risk posed. Table IV suggests that of the 16 PhACs found to have MOE P3 values less than 10, extensive monitoring data was only available for three of them (i.e., estriol, estrone, and ibuprofen), whereas no monitoring data in Canadian drinking waters was available for the remaining 13. Further, of those 13, only atenolol and atorvastatin have been sought in a limited number of Canadian surface waters (see Appendix R). Therefore, most PhACs which pose a relatively high human health risk have yet to be monitored in Canada drinking water supplies.
A case can also be made to monitor those PhACs that are expected to be found at the highest concentrations in the environment and, therefore, carry a higher potential to end up in drinking waters (106) . Again, the existing monitoring data are found to be wanting (see Table I ) in that most PhACs predicted to occur in the Canadian environment at high concentration are yet to be monitored in Canadian surface and drinking waters while for others only limited data has been reported thus far. Consider that, of the top 50 PhACs in terms of estimated PEC 3 values, only 8 have been extensively monitored in Canadian surface and drinking waters (see Table I ). In fact, among this list of top 50 PhACs, no monitoring data are available for 34 and 40 PhACs in Canadian surface and drinking waters, respectively (see Table I ). Daughton of the US Environmental Protection Agency has also highlighted the limitations of the existing monitoring data for PhACs (106) in that most PhACs expected to be found in the environment at high levels have yet to be monitored or have only been analyzed in a limited number of samples.
One could also make the case that the most potent PhACs (i.e., those with the lowest PNEC dw values) should be monitored. Of the 50 most potent PhACs of the evaluation set, only 6 and 5 of them have been monitored in Canadian surface and drinking waters, respectively (see Appendix U).
Overall, it is clear that whether the evaluation is based on risk posed, predicted exposure concentrations, or potency, the existing monitoring data are found wanting.
General Considerations
Although it appears that most PhACs considered in this work pose a negligible risk to human health, several important caveats should be mentioned. Firstly, only 335 PhACs were considered in this study and, as such, a broadened evaluation encompassing the more than one thousand other PhACs in current use is warranted. Secondly, our evaluation focused on the risks posed by individual PhACs and, therefore, the results presented here cannot be taken to be representative of the risks posed by mixtures. Therefore, it remains an open question as to whether the presence of PhACs as mixtures in surface waters constitutes a significant risk to human health. By extension, it also remains unanswered whether the presence of a given PhAC or a mixture of PhACs interacts with other environmental pollutants to yield significant human health risks. Thirdly, it is possible that a greater number of PhACs pose ecotoxicological risks than they do human health risk, due to long-term exposure and greater sensitivity of biota to PhACs in the aquatic environment. Therefore, a complimentary investigation is warranted in which the eco-toxicological risks posed by the environmental release of PhACs are evaluated.
CONCLUSIONS
This research has focused on developing an understanding of the sources of PhACs to the environment and on evaluating their human health relevance with respect to their potential presence in drinking water. The approaches and models developed in this study were applied to an evaluation set of 335 PhACs in the Canadian context to establish the following:
& Hospital contributions to the net load of individual PhACs were found to vary significantly from one case to another. For most PhACs, hospitals appeared to be a minor source. However, for 41 PhACs, greater than 70% of their respective environmental loads was estimated to be sourced through hospitals. Class L (i.e., antineoplastic and immunomodulating agents) of the evaluation set was found to be sourced primarily through hospitals.
& Of the 14 PhACs for which endogenous contributions were found to be relevant, 9 were established to predominately almost entirely result from endogenous sources.
& Of the six PhACs for which illicit contributions were found to be relevant, five were established to predominately almost entirely result from illicit sources.
& Class J (i.e., antiinfectives for systemic use) and Class P (i.e., antiparasitic products) drugs of the evaluation set were found to be the two drug classes with highest median predicted exposure concentrations when accounting for removal through human metabolism and wastewater treatment. Therefore, on average, PhACs belonging to these drug classes are expected to be present in the environment in the highest concentrations. In contrast, Class L drugs were estimated to be the least abundant in the environment.
& Class L and Class G (i.e., genito-urinary system and sex hormones) drugs of the evaluation set were established to be the most potent in their potential to cause human health effects. Conversely, Class J and Class M (i.e., musculo-skeletal system) drugs were established to be the least potent in their potential to yield human health effects. & A risk evaluation based on measurements could only be performed for 17 PhACs and all of them were found to pose a negligible risk to human health when considered individually. The same risk evaluation based on predictions, rather than measurements, suggested that 322 PhACs of the evaluation set when considered individually are expected to pose a negligible risk to human health due to their potential presence in drinking waters. However, the following 14 PhACs warrant prioritization for further study: triiodothyronine, thyroxine, ramipril and its metabolite ramiprilat, candesartan, lisinopril, atorvastatin, lorazepam, fentanyl, atenolol, metformin, enalaprilat, morphine, and irbesartan.
& The currently available monitoring data for PhACs in Canadian surface and drinking waters was found to be wanting irrespective of whether their suitability was assessed based on risk posed, predicted exposure concentrations, or potency resulting in human health effects.
